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• Mobile Pb was studied using high-
resolution techniques in eutrophic lake
sediment.

• Soluble Pb concentrations in overlying
water in summer and autumn exceeded
EPA-CMC.

• Fe/Mn oxide reduction and DOC com-
plexation induced high Pb mobility in
summer.

• Algal bioaccumulation and decomposi-
tion induced high Pb mobility in
autumn.
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A good understanding of lead (Pb) mobilization in eutrophic lakes is a key to the accurate assessment of Pb pol-
lution. In thiswork, dissolved and labile Pbwas determined by both high resolution dialysis (HR-Peeper) and dif-
fusive gradients in thin films (DGT) in sediment-water profiles of the hyper-eutrophicMeiliang Bay of Lake Taihu
on a monthly basis during one year. The drinking water standards for dissolved Pb of the World Health Organi-
zation (10 μg/L) and those of China were exceeded in the overlying water (20.79–118.5 μg/L). Out of which, a
total of fivemonths even exceeded the fisheries water quality limitation (50 μg/L) in China. The algal blooms cre-
ated an anaerobic environment in the surface sediments in July. The reductive conditions led to the dissolution of
Fe/Mn and this caused the release of Pb, followed by organicmatter complexation. Thiswas supported by the co-
incident changes of dissolved Pbwith dissolved organicmatter (DOM) in sediments under anaerobic incubation.
Algae residue decomposition in October caused another distinct release of Pb, but this process should be consid-
erably suppressed by increased sulfide precipitation and pyrite adsorption of Pb ion. These results indicated that
Pbmobilization in sediments canbe significantly enhancedby algal blooms in eutrophic lakes, indicating that fur-
ther attention should be paid to Pb pollution in waters with harmful algal blooms.
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1. Introduction

Lead (Pb) is one of the most toxic metals causing neurological, he-
matological, gastrointestinal and reproductive pathologies of animals
(Garcia-Leston et al., 2010). Anthropogenic activities, such as mining,
smelting, burning of coal, battery manufacturing and metal plating,
have led to increased concentrations of Pb in ecosystems (Pepi et al.,
2016). Excessive Pb can be discharged into aquatic systems through at-
mospheric deposition, wastewater discharge, stormwater runoff and
flood deposit and become hazardous to aquatic organisms and humans
(Zohar et al., 2014).

Sediments both take and release Pb from the water column. Typi-
cally, Pb is initially adsorbed by the suspended particles in water, due
to a series of processes, such as co-precipitation, hydrolysis, and deposi-
tion into the sediment (Niu et al., 2015). The concentrations of dissolved
Pb in the water column are typically orders of magnitude lower than
those in sediments (Patel et al., 2018). After sediment deposition, Pb
can be released into the overlying waters due to changes of chemical
and biological conditions in the sediment (Hill et al., 2013). Since Fe/
Mn oxides have been reported to be amajor binding phase for Pb in sed-
iments (Kushwaha et al., 2018), the acidic and anaerobic conditions
could increase the rates of reduction and dissolution of oxides of iron
(Fe) andmanganese (Mn) (Chakraborty et al., 2016), leading to the lib-
eration of Pb into the water. The increase of dissolved organic matter
(DOM) also has the potential to increase Pb solubility under neutral
pH conditions by the generation of complexes (Sauve et al., 1998). Con-
trarily, formation of stable Pb phases such as Pb-sulfide under anaerobic
conditions and Pb-phosphate minerals can alleviate Pb release (Cai
et al., 2017; Wolfe and Wilkin, 2017).

Lake eutrophication and harmful algal blooms (HABs) have become
global environmental problems. Lake eutrophication often results in the
imbalance of ecosystems, causing harm to aquatic and terrestrial wild-
life and human health (Del Giudice et al., 2018). Total Pb content in sed-
iments has been reported to be greatly increased by HABs (Baptista
et al., 2014; Garcia-Hernandez et al., 2005). For example, it was ob-
served that the total Pb contents in sediments were 3 times higher
than the background concentrations during the dinoflagellate blooms
(Garcia-Hernandez et al. (2005)). Also, a similar phenomenon was
found, suggesting that total Pb contents in sediments were significantly
increased to potentially toxic levels due to cyanobacterial blooms
(Baptista et al., 2014). The authors inferred that Microcystis aeruginosa
adsorbed Pb and deposited it in the sediments rapidly, leading to in-
creased concentrations of Pb in the sediments. However, up to date,
the effects of water eutrophication and algal blooms on Pb mobility,
rather than total Pb contents, in sediments have rarely been studied.
The physiological activity of live algae and the decomposition of dead
algae can significantly change the chemical and biological environments
in the water column and sediments (Han et al., 2015), likely leading to
profound seasonal variation of Pb mobility in the sediment-water sys-
tems. There is a lack of field evidence for this assumption, and a compre-
hensive understanding of Pbmobility and possibly induced Pb pollution
is worthy of further study.

The changes of mobile Pb (e.g. dissolved Pb in pore water and easily
exchangeable Pb in sediment solids) can directly contribute to the var-
iations of Pb concentrations in the water column (Banks et al., 2012).
Accordingly, understanding the changes in mobile Pb in sediments is
very useful for evaluating Pb contamination and toxicity in aquatic sys-
tems. However, previous Pb assessments were often based on changes
in total mass of Pb. This method is not effective enough to characterize
Pb mobility in sediments, because a part of Pb in sediments is inert
(Wang et al., 2016a). The chemical extraction methods are also often
used, but they have poor precision and selectivity due to operational in-
consistency and species redistribution (Wang and Mulligan, 2008). On
the other hand, sediments demonstrate significant heterogeneity in bio-
geochemical properties along the vertical direction (Ding et al., 2015;
Santner et al., 2015), while this aspect has been rarely studied due to
the difficulty in sampling. This challenge has been overcome by the re-
cently developed techniques like high resolution dialysis (HR-Peeper)
and diffusive gradients in thin films (DGT). These two kinds of passive
sampling techniques can measure dissolved Pb in pore water and labile
Pb in sediments at a mm-scale vertical resolution, respectively (Wang
et al., 2017; Xu et al., 2012).

Our purpose was to study the variations of the Pb mobility in the
sediments of a eutrophic body of water over a full year and explore
the mechanisms behind. A hyper-eutrophic bay was selected and
monthly sampling was performed to obtain the vertical distributions
of the dissolved and labile Pb using HR-Peeper and DGT, respectively.
To elucidate the underlyingmechanisms of Pb mobilization, twomicro-
cosm experiments were realized to elucidate the temporal influence on
Pbmobility of algal bloom and redox conditions using an intensive sam-
pling frequency.

2. Materials and methods

2.1. Location of study

Lake Taihu is the third largest freshwater lake in China. Due to the
fast escalation in urban and agricultural generation of nutrients, Lake
Taihu has become highly eutrophic and presents toxin-producing, in-
creasingly intense cyanobacterial blooms (Xu et al., 2017). Meiliang
Bay is located in the northern Lake Taihu, which is one of the most eu-
trophic regions of the lake (Yang et al., 2016).

The sampling site was in Meiliang Bay near the Taihu Laboratory for
Lake Ecosystem Research (TLLER) (31°26′18″N, 120°11′12″E), Nanjing
Institute of Geography and Limnology (Fig. 1). The basic water and sed-
iment quality characteristics in this location have been studied previ-
ously and are listed in Tables S1 and S2 (Ding et al., 2018; Jin et al.,
2019). During the sampling periods between February 2016 to January
2017, the Chl-a and DO concentrations of the water column in the sam-
pling site varied from 12.3 to 178.4 μg/L and from 5.95 to 12.2 mg/L, re-
spectively. The water column had dissolved organic carbon (DOC)
concentrations in the water column ranged from 2.60 to 6.88 mg/L,
with the highest value found in July. The oxygen penetration depth
(OPD) in sediments varied from 0.6 to 3.6 mm, with the high and low
values in winter and summer months, respectively. The bacterial abun-
dance varied from 1.33E+11 to 11.4E+11 copies/g, with the highest
value in March.

The monthly changes in the distributions of dissolved Fe/Mn and
DGT-labile Fe/Mn have been determined previously in the sampling
site (Ding et al., 2018; Jin et al., 2019). Their mean concentrations in
the top 5 cm sediment layer are shown in Table S2. The highest values
for the concentrations of dissolved Mn were found in March for dis-
solved Mn, and in February for DGT-labile Mn. The highest DGT-labile
Fe concentrationswere observed in June and July, while the lowest con-
centrations were observed in December and January.

2.2. Preparation of the HR-Peeper and DGT probes

The devices were provided by EasySensor Ltd. (www.easysensor.
net). The Supplementary material includes a detailed description of
the operating principles. The HR-Peeper device had a resolution of
4.0 mm and was used for themeasurement of dissolved Pb in sediment
pore water (Ding et al., 2018). At first, the devices were filled with de-
ionized water and covered by a Durapore® PVDFmembrane (Millipore,
0.45 μm pore size, 0.10 mm thickness). The ZrO-Chelex DGT was used
for the measurement of labile Pb in sediments (Wang et al., 2017).
First, the ZrO-Chelex DGT probe, the binding gel was covered by an aga-
rose diffusive gel and then a Durapore® PVDF membrane (Wang et al.,
2017). The AgI DGT devices were used for the measurement of labile
sulfide(-II) in sediments, as in Ding et al. (2012). The probes were im-
mersed in 0.01MNaCl solutions and then deoxygenatedwith a nitrogen
flow for at least 16 h, before their utilization.

http://www.easysensor.net
http://www.easysensor.net


Fig. 1. Study area in Meiliang Bay, Lake Taihu (modified from Chen et al., 2018).

Table 1
Concentrations of dissolved Pb in overlying water and comparison with different national
and international guidelines (the ratio to the criterion value N1 is highlighted in bold).

Month Dissolved
Pb (μg/L)

Ratio to the criterion value

Dissolved
Pb/CNEQS
1a

Dissolved
Pb/CNEQS
2b

Dissolved
Pb/WHOc

Dissolved
Pb/EPA-CMCd

2016-2 20.79 2.08 0.42 2.08 0.32
2016-3 23.33 2.33 0.47 2.33 0.36
2016-4 34.75 3.48 0.70 3.48 0.53
2016-5 49.06 4.91 0.98 4.91 0.75
2016-6 50.09 5.01 1.00 5.01 0.77
2016-7 118.5 11.85 2.37 11.85 1.82
2016-8 78.85 7.89 1.58 7.89 1.21
2016-9 46.65 4.67 0.93 4.67 0.72
2016-10 75.78 7.58 1.52 7.58 1.17
2016-11 79.08 7.91 1.58 7.91 1.22
2016-12 46.83 4.68 0.94 4.68 0.72
2017-1 44.81 4.48 0.90 4.48 0.69
Criterion CNEQS 1a CNEQS 2b WHOc EPA-CMCd

Limit
(μg/L)

10 50 10 65

a Standard for drinking water quality in China (GB 5749-2006).
b Standard for fisheries water quality in China (GB 11607–89).
c Drinking water standard of World Health Organization (WHO).
d Criteria maximum concentration (CMC) for Pb in freshwater set by Environmental

Protection agency.

971Q. Sun et al. / Science of the Total Environment 691 (2019) 969–980
2.3. Field investigation

Water samples and six replicate sediment cores (with 4 more cores
in January, April, July and October) were collected to measure Pb in so-
lution and DGT-labile Pb monthly, and labile S(-II) seasonally between
February 2016 and January 2017, with a gravity corer (dia. 11 cm).
The sampling time was in the middle of each month (around the
15th). The water samples and sediment cores were taken and moved
to the lab in 3 h or less, with the water at a depth of 20 cm. Sections of
1 cm down to a depth of 10 cm were taken from three cores under
the N2 gas and the samples of 0–10, 30–40 and 90–100 mm sediment
layers were frozen-dried and used for Pb species analysis by a modified
extraction method (BCR) (Nemati et al., 2011). This method has three
steps and separates the Pb components into four fractions: acid extract-
able/exchangeable fraction (F1), easily reducible fraction (F2), oxidiz-
able fraction (F3) and residual fraction (F4).

Three cores were kept overnight at the same temperature as the
field using a water bath. Then, a HR-Peeper probe was introduced into
each core, and the DGT probes were then introduced 24 h later, and
the probeswere left for another 24h. At thatmoment, all were retrieved
simultaneously. After retrieval, the HR-Peeper, AgI DGT and ZrO-Chelex
DGT probes were treated as described in Ding et al. (2018), Ding et al.
(2012) and Wang et al. (2017) respectively. Immediately, the device
surface was briefly washed with deionized water. Then the pore and
overlying water in the HR-Peeper devices were promptly transferred
to 0.5 mL centrifuge tubes for analysis. The ZrO-Chelex binding gels
were sliced, and the labile Pb in the binding gel is then eluted with a
1.0 HNO3 solution.

Four sediment cores in January, April, June, and October were di-
vided in sections of 1 cmdown to a depth of 5 cmunder N2 gas. The sed-
iment was centrifuged at 4000 rpm (1900g) for 10 min and the water
collected by filtration with a Whatman 0.45 μm cellulose nitrate mem-
brane. The top 5mm sediments were frozen-dried and used for analysis
of acid volatile sulfide (AVS) and pyrite using the methods reported by
Yin et al. (2008).

2.4. Cyanobacterial bloom experiment

The details of the cyanobacterial bloom experiment were explained
in Chen et al. (2018).Water, algae and three sediment cores (dia. 11 cm,
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Fig. 2. Lead fractionation in Meiliang Bay sediments (Data in April, July, October 2016 and January 2017 are cited from Chen et al., 2019).
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l. 30 cm) were collected. Five Rhizon samplers (Rhizon CSS, the
Netherlands, dia. 2.5 mm) were installed in the sediment cores. They
were inserted horizontally in the overlying water at 5 mm above the
sediment-water interface (SWI) and below at depths of −5 mm,
−10 mm, −15 mm and −20 mm. Then the three sediment cores
were placed in a container and left for 2 days in a glasshouse. Then,
10 L of unfiltered lake water containing algae was added to the con-
tainer. The containers were continuously kept in the glasshouse for
70 days. Evaporation caused a loss of water, so filtered lake water was
added to the container every 2–3 days. Samples of approximately
1 mL volume of overlying and pore waters from different sediment
depths were obtained via Rhizon samplers before (Day 1) and after
algae addition (Days 5, 15, 44 and 70) every 3 h (at 9:00, 12:00, 15:00,
18:00, 21:00, 0:00, 3:00, 6:00) for the analysis of dissolved Pb. Accord-
ing to Chen et al. (2018), Day 5, Day 15 and Day 44 represented the
algae growthperiod, thepeakperiod of algal blooms and bloom collapse
period, respectively, reflected by changes of Chl-a concentrations on
each sampling day.

2.5. Aerobic-anaerobic experiment

Sediment samples with water were collected with three cores (dia.
11 cm, l. 30 cm). Each sediment core had three Rhizon samplers
installed below the SWI at depths of −5 mm, −15 mm and −50 mm,
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respectively. The cores were installed in a container, covered with fil-
tered lake water (Whatman, 0.45 mm pore size), and kept at 25 °C
with a water bath. The experiment was first incubated as control with-
out treatment for 24 h; then an aerobic incubation (pumping O2)
(0.4 L/min) for 176 h; then an anaerobic incubation (pumping N2)
(0.4 L/min) for 376 h. Samples of approximately 1 mL of overlying and
pore waters in different sediment depths were obtained via Rhizon
samplers in the control, aerobic and anaerobic treatments every 4 h
for analyzing dissolved Pb, Fe and Mn, and DOM.
2.6. Sample analysis

The samples from the HR-Peeper, ZrO-Chelex DGT, and pore waters,
were analyzed for Mn and Pb with a ICP-MS spectrometer (Agilent
Technologies 7700×, USA) after dilution using 3%HNO3. The concentra-
tions of Fewere determined by thephenanthroline colorimetricmethod
(Tamura et al., 1974). DGT-labile S(-II) in sediments was measured
through the analysis of a computer-imaging densitometry (CID) tech-
nique (Ding et al., 2012). Free ionic Pb in pore water was analyzed
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using a multifunctional portable heavy metal analyzer using
voltammetric technique (the limit of detection is 0.5 μg/L; HM-5000P,
Skyray, China) (Lu, 1999). The concentrations of DOC were evaluated
by the UV254 absorbance using Epoch Microplate Spectrophotometer
(BioTek, USA) or using a Shimadzu TOC-L analyzer equipped with an
ASI-L auto-sampler (Tue-Ngeun et al., 2005).

2.7. Data processing

The flux of DGT-labile S(-II), and the concentrations of DGT-labile Pb
in the sediment-water profile were calculated as Eqs. (1) and (2) (Li
et al., 2019):

FDGT ¼ M=At ð1Þ

CDGT ¼ MΔg=DAt ð2Þ

whereM represents the accumulatedmass over the deployment time; A
represents the gel exposure area (30 cm2); t represents the deployment
time (24 h); Δg represents the diffusive layer thickness (0.90mm); D is
the diffusion coefficient of Pb in the diffusive layer (8.41 × 10−6 cm2/s at
25 °C) (Wang et al., 2016b).

Statistical analyses were performed using SPSS v19.0 software. One-
way ANOVA method was used to analyze the significant differences in
dissolved Pb between different experiments. The correlations between
each two variables were analyzed using the Pearson correlation
coefficient.
3. Results

3.1. Field investigation

The concentrations of dissolved Pb in the water over the sediments
of Meiliang Bay are displayed in Table 1. The values ranged from 20.79
to 118.5 μg/L, with the maximum value in July. The Pb speciation from
chemical fractionation in the sediments is shown in Fig. 2. Pb contents
ranged from 0.42 to 2.27 mg/kg for acid extractable/exchangeable frac-
tion, 8.68 to 13.83mg/kg for easily reducible fraction, 2.76 to 4.68mg/kg
for oxidizable fraction, and 12.65 to 19.08 mg/kg for residual fraction.
For the acid extractable/exchangeable fraction, the highest contents
were observed in July in sediment layers of 0–10 mm (1.39 mg/kg),
30–40 mm (1.71mg/kg) and 90–100mm (2.27 mg/kg), while the low-
est Pb contents were observed in February (0.42 mg/kg) and March
(0.55mg/kg) in 0–10mm sediment layers. For the easily reducible frac-
tion, Pb contents were consistently lower in July and April than the
other months in different sediment layers. The contents of AVS and py-
rite in sediments are shown in Fig. S1. The contents were below
27 mg/kg (AVS) and 136 mg/kg (pyrite) in January and April, and the
values increased to 42 mg/kg (AVS) and 266 mg/kg (pyrite) in July
and October.

Fig. 3 shows the distributions of Pb dissolved in pore waters and
DGT-labile Pb. The concentrations of both types of Pb displayed small
fluctuations in the vertical profile without obvious trends. Average con-
centrations of both types in the vertical profiles are shown in Fig. 4a. In
the winter months (December, January and February), the mobile Pb
concentrations were low and stable, followed by increases in March
and April. For the summermonths, dissolved Pbwas at the highest con-
centration in July (107.5 μg/L), while DGT-labile Pb was relatively low
and stable in the summer months (4.02–5.66 μg/L). For the autumn
months, the concentrations of both types decreased in September and
then increased in October. The concentrations of free ionic Pb in pore
waters ranged from 1.82 to 2.16 μg/L in April and from 0.62 to 0.87
μg/L in July in sediment profiles (Fig. 4b). The proportion of free ionic
Pb relative to dissolved Pb ranged from 3.32% to 4.18% in April and
from 0.48% to 0.86% in July (Fig. 4c).

The distributions of DGT-labile S(-II), both one and two-
dimensional, during March, July, September and December are shown
in Fig. 5. A great variation was observed in the level of DGT-labile S(-
II) among the four months. The highest level appeared in July and
then September, which was up to 102 times higher than the lowest ob-
served in December.
3.2. Cyanobacterial bloom experiment

In the cyanobacterial bloom experiment, the hourly changes and
mean values of dissolved Pb concentrations in the overlying water-
sediment profiles on days 1, 5, 15, 44 and 70 after algae addition are
shown in Figs. 6 and 7, respectively. Before algae addition (Day 1), the
mean concentrations of dissolved Pb in overlying water-sediment pro-
files ranged from 14.45 to 23.40 μg/L (Fig. 7), and the dissolved Pb con-
centrations obviously fluctuated at different sampling hours (Fig. 6).
After addition of algae on Day 5 and Day 15, the concentrations of dis-
solved Pb in overlying water-sediment profiles decreased by
29.0–55.8% and 40.0–59.1%, respectively (Fig. 7), and the dissolved Pb
became more stable at different sampling hours (Fig. 6). On Day 44,
the dissolved Pb significantly increased (p b 0.05) in overlying water
and at most of the sediment depths by 26.1–191% compared to Day 1
(Fig. 7). On Day 70, the dissolved Pb concentrations decreased by
29.2–86.9% in overlying water-sediment profiles.



975Q. Sun et al. / Science of the Total Environment 691 (2019) 969–980
3.3. Incubation experiment under aerobic-anaerobic conditions

The hourly variations in the concentrations of dissolved Pb, Fe and
Mn are shown in Fig. 8a. In both the control and aerobic incubations,
the concentrations of dissolved Pb remained relatively stable in the
range of 9.01–20.78 μg/L. The concentrations of dissolved Pb increased
under anaerobic incubation compared to the control, and themean con-
centrations ranged from36.00 to 38.39 μg/L (Fig. 8a) in overlyingwater-
sediment profiles. The dissolved Fe and Mn decreased in the sediments
in aerobic incubation (Fig. 8a). In the anaerobic incubation, dissolved Fe
and Mn concentrations showed 2.4- and 2.3-fold increases on average,
respectively, comparing to those in aerobic incubation (Fig. 8a). A si-
multaneous increase of dissolved Mn and Pb appeared at the beginning
of the anaerobic incubation (344–352 h), implying that the release of Pb
was partly attributed to the reduction of Mn oxides.

The hourly variations of UV254 absorbance are shown in Fig. 8b.
UV254 absorbance in sediment profiles remained relatively stable in
control and aerobic incubations, while it slightly decreased at the begin-
ning of the anaerobic treatment (344–420 h), sharply increased after
423 h and sharply decreased after 496 h (Fig. 8b). Simultaneous in-
creases and decreases for dissolved Pb and UV254 absorbance were ob-
served at 344–420 h. They both increased at 359 h, 376 h, 388 h and
420 h, and decreased at 344 h, 348 h, 372 h and 404 h in sediment pro-
files. It provided a strong evidence for the formation of DOM-Pb com-
plexes at 344–420 h.
4. Discussion

4.1. Comprehensive evaluation of Pb contamination

Previous studies have investigated Pb contamination and the associ-
ated ecological risks in Lake Taihu by assessing the total concentrations
of Pb in thewater, sediment and aquatic organisms (Fu et al., 2013; Niu
et al., 2015). Fu et al. (2013) found that the total Pb concentrationswere
much greater in the sediments of Yangtze River than those in the sedi-
ments of Lake Taihu, while lower in the fish from Yangtze River than
Fig. 5. Seasonal changes of 2D DGT-labile S(-II) flux (left) and horizont
in the fish from Lake Taihu. Niu et al. (2015) found that Pb concentra-
tions in the sediments of Lake Taihu increased and their mean concen-
trations were far greater than the basin background values. The north
bays (including Meiliang Bay) had higher total Pb concentrations than
the remainingparts of Lake Taihu. These results likely indicated a persis-
tent Pb pollution in the sediments of Lake Taihu, especially in the north-
ern part, due to the discharge of domestic sewage and industrial
wastewater (Yin et al., 2011).

Different national and international guidelines for Pb concentration
in water are shown in (Table 1). A comparison of the values of the dis-
solved Pb concentrations found in this study with those in Table 1 con-
firms the high Pb pollution in this area. In this work, dissolved Pb
concentrations in the overlying water of Meiliang Bay (20.79–118.5
μg/L) showed values higher than those of the drinking water standards
in China and of the World Health Organization (10 μg/L) for all the
12 months. The values also exceeded the limit value of fisheries water
quality standard (50 μg/L) in China set by Administration of Environ-
mental Protection of China in June, July, August, October and November
2016, and the criteria for maximum concentration (CMC) for Pb in
freshwater (65 μg/L) set by the U.S. Environmental Protection Agency
(US EPA) in July, August, October and December 2016. The changes of
overlying water dissolved Pb is consistent with the report by
Rajeshkumar et al. (2018) in Lake Taihu, in which the total Pb concen-
trations in water samples as well as the accumulation of Pb in sedi-
ments, fishes and oysters were higher in the summer than in the spring.
4.2. Pb mobility in sediments and the underlying mechanisms

The concentrations of mobile Pb in sediments exhibited notably sea-
sonal variation (Fig. 4a). In the months of winter (7.5 °C ≤ T ≤ 10.5 °C,
10.05 mg/L ≤ DO ≤12.21 mg/L, Table S1), the mobile Pb concentrations
were low and stable, followed by increases in March (T = 10.5 °C, DO
= 10.05 mg/L, Table S1) and April (T = 20.0 °C, DO = 10.02 mg/L,
Table S1). For the summer months (26.1 °C ≤ T ≤ 31.2 °C, 5.95 mg/L
≤ DO ≤8.21 mg/L, Table S1), dissolved Pb was at the highest concentra-
tion in July (107.5 μg/L), while DGT-labile Pb was relatively low and
al average (right) in March, July, September and December 2016.
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stable in the summer months (4.02–5.66 μg/L). For the autumnmonths
(16.1 °C ≤ T ≤ 24.8 °C, 7.21mg/L ≤DO ≤9.67mg/L, Table S1), the concen-
trations of both Pb types declined in September and then rose in
October.

Since there was a consistent distribution of dissolved Pb between
the overlying water and the sediment (Figs. 3–4), the pollution of Pb
in overlyingwater should be caused by themobilization of Pb from sed-
iments. Thus, it becomes necessary to explore the underlying mecha-
nism for Pb mobility in sediments. The mechanisms controlling the
seasonal mobilization of Pb are discussed as follows, according to the
monthly variations of dissolved and DGT-labile Pb in sediments.

4.2.1. Winter and early spring (December to April)
Meiliang Bay sediments were under a consistently oxidizing condi-

tion, characterized by high DO (10.05–12.21 mg/L) in water column,
and high Eh (322.6–394.3 mV) and high oxygen penetration depth
(OPD) values (2.6–3.6 mm) in sediments (Tables S1 and S2). In winter,
most Fewas in oxidized forms, reflected by the low concentration of dis-
solved Fe in surface sediments (0.29–0.46 mg/L, Table S2). Also, the for-
mation of DOM-Pb complexes relative to other months was not favored
in winter due to the low concentrations of DOC in the overlaying water
(2.60–3.26 mg/L). Dissolved and DGT-labile Pb was low (Figs. 3–4) and
stable which should be primarily immobilized by Fe/Mn oxides in win-
ter, since these oxides are a major binding phase for Pb in sediments
(Kushwaha et al., 2018). This is verified by the relatively high contents
of reducible fraction of Pb (mainly Fe/Mn oxides binding Pb) in sedi-
ments in winter compared to other seasons (Fig. 2).

Sharp increases in dissolved and DGT-labile Pb were observed from
March to April (Fig. 4a). The highest bacterial abundance was observed
inMarch, in comparisonwith previousmonths (Table S2). Furthermore,
high concentrations of dissolved Mn (2.77 mg/L) in March and dis-
solved Fe (2.37 mg/L) in April was observed in sediments (Table S2).
The increases in bacterial abundance in the sediment, which is a re-
sponse for temperature rise, likely favored the reduction of Fe/Mn ox-
ides (Ding et al., 2018). The immobilized Pb by Fe/Mn oxides in winter
could be easily released under reducing conditions (Tack et al., 2006),
resulting in the increased concentrations of dissolved and DGT-labile
Pb (Fig. 4a). This inference was consistent with the decrease in content
of reducible fraction of Pb (F2) in April compared to those in winter
(Fig. 2). It was also supported by the simultaneous releases of Pb and
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Mn at the beginning of the anaerobic incubation in the aerobic-
anaerobic experiment (Fig. 8a).

4.2.2. Summer (June to August)
The dissolved Pb concentrations of dissolved Pb in Meiliang Bay

peaked in July, while DGT-labile Pb concentrations were relatively low
and stable across the summer (Fig. 4a). Chl-a concentrations in water
of Meilaing Bay drastically increased from 64.3 μg/L in June to 153.4
μg/L in August, indicating a severe outbreak of algal blooms during
this season (Table S1). Algal blooms can create reducing conditions by
obstructing the transfer of oxygen from air to water and consuming ox-
ygen during decomposition of dead algae (Wang et al., 2015). The re-
ducing extent became stronger from April to July, reflected by the
decrease in the penetration depth of oxygen from 3.0 to 1.0 mm
(Table S2). Hence, the reduction of Fe/Mn oxides (especially Fe oxides;
Table S2) should be promoted especially after the algal blooms in June,
resulting in a sharp release of dissolved Pb from June to July (Fig. 4a).
Higher Pb content in acid extractable/exchangeable fraction and lower
Pb content in reducible fraction were observed in July, indicating that
the released Pb should be transformed into more labile phase (Fig. 2).
On the other hand, Pb ion can be easily redistributed through the ad-
sorption and precipitation processes in sediments (Howard and
Vandenbrink, 1999), but these immobilization processes could be
inhibited by DOM-Pb complexes formed in solution (Hashimoto et al.,
2009a). In this study, the anaerobic mineralization of both endogenous
organic matter (Yao et al., 2011) and labile organic matter from dead
algae (Leao et al., 2007) provided abundant organic ligands in July
(DOC= 6.88 mg/L, Table S1), creating favorable conditions for the for-
mation of DOM-Pb complexes. Accordingly, the free Pb ion measure-
ment showed greater proportion of Pb complexes in pore water in
July in comparison with that in January and April (Fig. 4b, c). Because
metal-DOM complexes cannot be directly taken up by DGT (Wang
et al., 2018), the DGT-labile Pb concentrations were found to be rela-
tively stable at a low level in summer (Fig. 4a). This hypothesis was sup-
ported by the formation of DOM-Pb complexes between 344 and 420 h
under anaerobic incubation (Fig. 8b). It implied that the complexation
of Pb by DOM played a dominant role in stabilizing mobile Pb in pore
water following the release of Pb from reduction of Fe/Mn oxides,
which further enhanced the mobility of Pb in summer.

4.2.3. Autumn (September to November)
Peak concentrationswere observed for dissolved Pb (77.27 μg/L) and

DGT-labile Pb (3.88 μg/L) in October (Fig. 4a), which were much lower
than those observed in July. Before this peak in October, the concentra-
tions of dissolved andDGT-labile Pb exhibited sharp decreases from July
to September. The accumulation of high amounts of Pb by cyanobacteria
has been shown (Kumar et al., 2015; Rzymski et al., 2014). The Pb ion
can be adsorbed or assimilated by live or dead algae (Chakraborty
et al., 2011; Kumar et al., 2015; Kushwaha et al., 2018) and then depos-
ited onto sediments. Since the concentration of Chl-awas the greatest in
August (Table S1), the decreases in concentrations of dissolved Pb and
DGT-labile Pb after July were attributed to bioaccumulation of Pb by
live algae cells and adsorption of Pb to dead algae cells.

In September and October, the concentrations of Chl-a in water col-
umn of Meiliang Bay decreased (38.9 and 53.4 μg/L, respectively;
Table S1). The bacterial diversity in sediments was higher in October
(6.25E+11 copies/g; Table S2), indicating that there was an intense
bloom collapse especially in October. The breakdown of the
cyanobacterial blooms, caused the liberation of complex substances
that are not easily processed by microorganisms, as well as biodegrad-
able and labilemolecules (Han et al., 2015; Lezcano et al., 2017). Pb pre-
viously immobilized by algae can thus be released again during the
decomposition of algal residues, leading to the increase of mobile Pb
in overlying water-sediment profiles in October (Fig. 4a). Results of
the cyanobacterial bloom experiment further proved that Pb was
immobilized in August and September by algal bioaccumulation and re-
leased in October due to algal decomposition (Figs. 6–7). However, the
release of Pb in October in the field was less pronounced than observed
on Day 44 in themicrocosm experiment. The limited height of the over-
lying water and the high density of algae in the microcosm experiment
should account for the discrepancy between natural and microcosm
incubations.

On the other hand, the contents of AVS and pyrite in sediments ob-
viously increased from April to June and maintained at high levels
until October. Their increases resulted from a high level of labile sulfide
in sediments in the summer and autumn detected by DGT (Fig. 5). It has
been revealed that the enhanced sulfide was produced from sulfate re-
duction during algal decomposition (Garcia-Hernandez et al., 2005).
The released Pb from reduction of Fe/Mn oxides should be further
immobilized through the precipitations of Pb-sulfides (PbS, Ksp = 8.0
× 10−28), which are thermodynamically stable and in less bioavailable
phases (DeVolder et al., 2003; Hashimoto et al., 2009b). In addition, it
has been reported that pyrite is a suitable adsorbent for Pb2+ (Ozverdi
and Erdem, 2006), and this adsorbent has been used for removal of
Pb2+ inwastewater (Yang et al., 2017). The pyrite adsorption, in combi-
nation with sulfide precipitation, should significantly suppressed the



Fig. 8.Hourly changes in (a) dissolved Pb, Fe andMn, and (b) dissolved Pb andUV254 absorbance in sediment porewaters in aerobic-anaerobic experiment. Thepartwith thefill pattern in
(b) shows simultaneous changes for dissolved Pb and UV254 absorbance.

Fig. 9. The mechanism illustration for mobile Pb variation in overlying water-sediment system.
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release of Pb in sediments to thewater column fromAugust throughOc-
tober. In winter months, elevated DO in overlying water and Eh in the
sediment (Tables S1 and S2) will lead to acid volatile sulfide (AVS)
and pyrite oxidation in surface sediment layers, resulting in the release
of Pb (De Jonge et al., 2012; Wang et al., 2018). Released Pb will be in
turn immobilized by Fe/Mn oxides, as reflected in December through
February by the relatively low concentrations of dissolved (Figs. 3 and
4a).

4.3. Conclusion and implications

This study presented a full-year variation in mobile Pb concentra-
tions in Meiliang Bay and revealed the corresponding mechanisms re-
sponsible for Pb mobilization. A mechanistic illustration of the
monthly mobile Pb variation is shown in Fig. 9. It can be concluded
that algal blooms significantly enhanced the mobilization of Pb in sedi-
ments and its release to the overlying water. Similarly, Yan et al. (2016)
and Jin et al. (2019) reported that the concentrations of other metal
(liod)s, such as zinc and high-toxic arsenic, were increased in hyper-
eutrophic lakes during algal blooms. This study, togetherwith the previ-
ous studies (Ni et al., 2016; Yan et al., 2016), demonstrated that the
metal pollution in water can be increased by algal blooms through pro-
moting the release of deposited/immobilized metals from sediments.
The accumulation of Pb in the water column can in turn stimulate the
aggregation of algal cells and contribute to the occurrence of algal
blooms (Rzymski et al., 2014). Accordingly, continuous and dynamic in-
teractions between algal blooms and sediment-released potentially
toxic elements pose more serious threats to living organisms or even
human health through bioaccumulation and biomagnification. Since
Lake Taihu is a typical eutrophic lake with intensive cyanobacterial
blooms, the results of this study provided valuable materials on
assessing and interpreting metal contamination in other eutrophic
lakes. It should be noted the Pb mobilization processes are much com-
plicated in the field, and more direct evidences (e.g., Pb speciation in
solids and pore waters) should be collected to support the interpreta-
tion of the relevant mechanisms obtained in this study using nonde-
structive techniques, such as X-ray absorption spectroscopy.
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